Physicochemical and ecological attributes of ecosystems (i.e., environmental context) can modify the exposure and effects of metals, which presents a challenge for ecosystem management. Furthermore, the functional and structural attributes of an ecosystem may not respond equally to metals or be uniformly responsive to environmental context. We explored how physicochemical and ecological context modified sediment metal dose-response for a suite of functional and structural measures. Two sediments with high (HB) and low (LB) acid volatile sulfide and organic carbon content (i.e., physicochemical context) were amended with copper and nickel to establish a gradient of treatments from non-toxic to potentially toxic. Sediments were deployed in each of two streams (i.e., ecological context), incubated for four weeks, and measured for sediment microbe, biofilm, and macroinvertebrate dose-response to metal. The dose-response of microbial function was affected by physicochemical context, with cotton decomposition negatively related to sediment metal only on LB sediments. The abundance of invertebrates from the orders Ephemeroptera, Plecoptera, and Trichoptera (EPT) responded negatively to sediment metal only on LB sediments; however, this dose-response was only observed in one stream, likely because of greater abundance of sensitive EPT taxa (i.e., Baetidae and Ephemerellidae). Biofilm structure was negatively affected by sediment metal in only one stream and there was no difference in dose-response between the two sediment types. Biofilm function was affected by sediment type and stream; production by biofilms exposed to HB sediment was negatively related to sediment metal in only one stream. In all, the majority of our endpoints exhibited responses that were modified by environmental context; however, each component of the ecosystem exhibited unique context dependency. For management of sediment metals, an understanding of context dependency is useful for informed decisionmaking, but the application of simple contextual filters are unlikely to protect all elements of an ecosystem.
Introduction
Metals (e.g., Ni, Cu, Zn) are one of the most common sources of impairment in freshwater ecosystems (U.S. EPA, 2013 ), yet the chemical reactivity of most metals is a challenge for regulation and remediation. Multiecosystem studies have established that there is variability in the concentration at which components of the ecosystem respond to a contaminant (e.g., Di Toro et al., 1992; Iwasaki et al., 2011; Schmidt et al., 2011) , which is often related to measurable attributes of the ecosystem (Chapman and Wang, 1998; Clements and Rohr, 2009; Di Toro et al., 1992; Fleeger et al., 2003) . Context dependency (i.e., non-random variation in dose response) has been linked to many potential drivers (Clements et al., 2012) , including physicochemical characteristics that affect exposure (e.g., light, dissolved organic carbon (DOC), sediment texture) and ecological attributes (e.g., community structure, detoxification mechanisms, predator-prey interactions). A more mechanistic understanding of the ecosystem characteristics that lead to context dependency may promote flexible risk assessment that is more efficient and appropriate for the regulatory processes and remediation.
Due to their strong interaction with other biogeochemical cycles (see review by Chapman and Wang, 1998) , the speciation and toxicity of metals is strongly modified by physicochemical conditions. In freshwater ecosystems the majority of metal will be stored in the sediments with only a small fraction partitioned to surface waters (log K d 3-5 L kg -1 ) (Allison and Allison, 2005; Burton, 2010) . Within sediments, metals are bound or adsorbed to various solid-phase minerals (e.g., organic carbon, metal sulfides, ferric oxides) or dissolved in porewater depending on the pH and redox conditions (Chapman and Wang, 1998; Costello et al., 2011; Di Toro et al., 1992; U.S. EPA, 2005) . The speciation of metals within sediments and surface waters has strong control over potential exposure to organisms (i.e., bioavailability) because only freely dissolved metal ions (e.g., Cu 2+ ) interact with biological receptors and cause toxicity Santore et al., 2001; U.S. EPA, 2005) . For risk assessment of a specific ecosystem, a prediction of impairment due to metals requires knowledge of the physicochemical context to establish an accurate estimate of the bioavailable fraction of metal. Currently, site-specific bioavailability models for sediment metals include only a subset of the physicochemical parameters that can modify metal bioavailability (i.e., acid volatile sulfide (AVS) and organic carbon) U.S. EPA, 2005) . These bioavailability models have been used in the formulation of chemical criteria that state that no adverse effects are expected when concentrations of AVS exceed concentrations of simultaneously extracted metal (SEM) on a molar basis U.S. EPA, 2005) .
While the importance of physicochemical context for metals has been well studied, the role of ecological context has received less attention. The most conspicuous example of ecological context is the differential sensitivity of species to sediment metals (Burton, 1991; Milani et al., 2003) . However, not all variation in community response can be explained by species sensitivity, likely due to emergent properties and indirect effects that arise when species interact (Brix et al., 2011; Clements et al., 2012; Fleeger et al., 2003) . Further, ecological context may interact with physicochemical attributes because ecological traits (e.g., burrowing, photosynthesis) may modify the physicochemical environment (Chapman and Wang, 1998; Morris and Meyer, 2006) . The importance of ecological context in sediment metal response emphasizes the need for in situ studies of entire communities with measurement of multiple endpoints representing both structural and functional attributes of the community (Burton, 1991; Clements et al., 2012) . Importantly, attached algae and microbes (i.e., biofilms), which regulate most stream ecosystem functions (Gibbons et al., 2014; Pusch et al., 1998) , are relatively understudied when compared to higher consumers such as macroinvertebrates and fishes; further, biofilm (or component species) response to sediment metal has only been marginally considered in the establishment of risk assessment and regulatory criteria for stream ecosystems. The application of ecological context and the inclusion of a wider variety of endpoints in setting chemical criteria would likely lead to more accurate and appropriate risk assessment for protecting freshwater ecosystems.
Our study examined the role of physicochemical and ecological context in toxicological responses in streams near the newly constructed Eagle Mine in the Upper Peninsula of Michigan, United States. This mine is targeting a large Ni and Cu ore body in a relatively undeveloped region that is near the headwaters of many ecologically diverse streams. The biological and physicochemical diversity of the streams in the region provide an opportunity to explore how environmental factors may control the sensitivity of the ecosystem to potential metal contamination. We amended two geochemically different sediments with Ni and Cu to simulate the outcome of potential contamination from this mine's operation. Further, we studied dose-response relationships from these two sediments (physicochemical context) in two streams to explore how ecological context would influence the sensitivity of these communities to sediment metals. We measured a number of structural and functional endpoints in the epibenthic community to establish if the dose-response relationships were consistent for different components of the community. Our hypotheses included: (1) context dependency (both physicochemical and ecological) in response to sediment metal will be observed for many functional and structural attributes of the epibenthic community, (2) community attributes will not respond equally to sediment metals, and (3) current bioavailability models, which do not account for all context dependency will not be sufficiently protective of all community attributes.
Methods

Experimental design
This experiment was designed as a 2×2 factorial experiment to establish if differences in sediment type (physicochemical context) and/or stream location (ecological context) alter toxic response to sediment metals. For each sediment-type × stream-location combination, we deployed sediments with a range of metal concentrations to study dose-response for a variety of functional and structural endpoints. Using two exposure chamber styles, we measured multiple endpoints, including: periphyton function and standing stock, sediment microbial decomposition, grazing rate, and invertebrate abundance and community composition. Experiments and sediment collection were done in the Upper Peninsula of Michigan within the Dead-Kelsey Watershed (Marquette, MI, USA). Allen et al., 1991) and organic matter (OM) content (loss-on-ignition at 550°C for >4 hr) and amended with Ni and Cu. Simultaneously extracted metals (SEM), which are acid-extracted metals liberated during the AVS procedure, indicated that these two sediments contained Ni and Cu at background concentrations (<10 mg kg -1 dw). Sediments from the Salmon-Trout R. had higher concentrations of both AVS and OM (Table 1) , and treatments using these sediments will be referred to as high binding capacity (HB). Sediments from Alder Creek, which have lower AVS and OM, are referred to as low binding capacity (LB) sediments. Metal amendments were done in HDPE bottles using the indirect spiking method with NaOH pH buffering (Brumbaugh et al., 2013; Costello et al., 2011; Simpson et al., 2004) . Spiked and buffered sediments were equilibrated for 1 week (rolled every 2 days) prior to dilution with reference sediments. For both the LB and HB sediment, the spiked sediment was diluted with reference sediment to establish 3 metal-amended treatments plus a non-amended control sediment (i.e., 8 treatments total) ( Table 1 ). After dilution, the sediments were equilibrated for three weeks by rolling for 1 h weekly and subsequently purging the headspace with N 2 . Initial Ni and Cu concentrations were determined by microwave assisted acid digestion (3:1 HNO 3 :HCl) followed by inductively coupled plasma optical emission spectroscopy (ICP-OES), and these treatments spanned a range of non-toxic to potentially toxic concentrations (MacDonald et al., 2000; U.S. EPA, 2005) (Table 1) . ), and major cations (Ca, Mg, Na, K). Sondes continuously (hourly) measured temperature, dissolved oxygen (DO), pH, conductivity (BP only), and turbidity.
Exposure chambers
Sediments were placed into two styles of exposure chambers: colonization baskets and chemical exposure substrate (CES) cups (Fig. S1 ). Colonization baskets were used to assess the macroinvertebrate community and decomposition response to sediment metal and CES cups were used to assess the biofilm (function and structure) and grazing response of snails to sediment metal. Colonization baskets consisted of mesh-lined shallow plastic trays (190 cm 2 ) that were filled with sediment, placed flush with the streambed, and covered with a coarse-mesh (0.5 cm) bag (Burton et al., 2005; Costello et al., 2011) . In each colonization basket, we placed a single cotton strip to estimate sediment microbial decomposition (Tiegs et al., 2013 (Tiegs et al., , 2007 . Cotton strips were placed vertically into the sediment so each strip was exposed to both oxic surface and anoxic deeper sediments. CES cups consisted of a 30-mL HDPE hinge-top cup with a 2.2 cm diameter hole in the cap and a fritted glass crucible cover for biofilm attachment (Costello et al., in review) . The cups were filled with sediment, capped to hold the attachment substrate at the surface, and secured to the stream bottom. For a subset of CES cups, we initiated biofilm colonization in a recirculating stream seeded with a mixed biofilm Elementa: Science of the Anthropocene • 2: 000030 • doi: 10.12952/journal.elementa.000030 community from the Huron River (Ann Arbor, MI, USA). However, these pre-colonized cups started with a very low algal biomass (<1 g chlorophyll a cm -2 ) and exhibited similar patterns to cups with clean substrates; therefore, we combined cups with pre-colonized and clean substrates for our analyses. For each sediment treatment, 9 CES cups and 3 colonization baskets were placed in each stream for a total of 72 CES cups and 24 colonization baskets in each stream.
Endpoints
After 4 weeks, exposure chambers were removed from the stream and structural and functional endpoints were assessed (Table 2) . Colonization baskets were carefully removed from the stream and 2/3 of each basket was placed into individual 1-L HDPE bottles with 90% ethanol for macroinvertebrate preservation. Preserved macroinvertebrates were separated from the sediment by sieving (45 µm), identified to family level, and enumerated. The invertebrate community composition was summarized with relevant diversity and abundance indices: total abundance, total richness, Simpson diversity, EPT abundance, and relative abundance of dominant taxa (i.e., Chironomidae). The remaining 1/3 (containing the cotton strip) from the three replicate baskets were combined, gently homogenized, and frozen for chemical analysis (total Ni, total Cu, AVS, and SEM). Cotton strips were carefully removed from the sediment, gently agitated in the stream to remove sediment particles, and placed in a 50-mL centrifuge tube filled with site water (no headspace, DO measured) for a respiration assay (Tiegs et al., 2013) . Tubes containing cotton strips and site water were placed in an opaque plastic bag within the stream to incubate the chambers at stream temperature. After 2-4 hours of incubation, the centrifuge tubes were removed and DO was measured. At each stream, two tubes containing stream water only were used to correct for background respiration from suspended particles. Cotton strip respiration (R cot in mg O 2 L -1 h -1 ) was calculated as:
where
) from the stream at the beginning of incubation (DO stream ), in the centrifuge tube following cotton incubation (DO cot ), and average DO in the tubes incubated with site water only (DO ctrl ) and t i are times (h) for the incubation of cotton strips (t cot ) and site water (t ctrl ). Following the respiration assay, strips were soaked in 90% ethanol to arrest microbial activity and then air-dried. Decomposition of preserved cotton strips was measured as loss of tensile strength using a tensiometer on a motorized stand (Tiegs et al., 2013) . Initial tensile strength was determined from a mean of three pre-incubation strips. CES cups were removed from the stream and the biofilm attachment substrate was separated from the sediment. Cups containing sediment were covered with parafilm and frozen for chemical analysis (total Ni, total Cu, AVS, and SEM). Glass disks containing biofilms were gently agitated in the stream to remove any attached sediment particles. Six biofilm disks for each sediment treatment were placed into transparent 160-mL specimen cups with site water (no headspace, DO measured) and incubated in direct sunlight in the stream for 3-5 hours. Following incubation, specimen cups were recovered and dissolved oxygen was measured to estimate net primary production (NPP). At each stream, three specimen cups containing stream water only were used to correct for background NPP. NPP (mg O 2 m -2 h -1 ) was calculated as:
where DO i are DO concentrations (mg L -1 ) from the stream at the beginning of incubation (DO stream ), in the specimen cup following biofilm incubation (DO biofilm ), and average DO in the cups incubated with site water only (DO ctrl ), t i are times (h) for the incubation of biofilm disks (t biofilm ) and site water (t ctrl ), V is the volume (L) of water in the specimen cups, and A is the surface area of the disk exposed to the stream (m 2 ). For grazing trials, the remaining three biofilm disks for each sediment treatment were placed in 50-mL centrifuge tubes with site water and 4 Lymnaea stagnalis snails (7-14 d old). Snails were allowed to feed for 24 hour before being removed from biofilm disks. Following NPP incubations and grazing trials, biofilm disks were frozen for analysis of biomass, dry mass, and metal (Cu and Ni) content (NPP disks only). Biofilm biomass was estimated by extracting chlorophyll a (chla) with boiling 90% ethanol (Biggs and Kilroy, 2000) and measuring fluorescence. Following chla measurement, ethanol was evaporated, the solid material was weighed and digested with microwave-assisted acid digestion (3:1 HNO 3 :HCl). Digestates were analyzed for Cu and Ni using ICP-OES. Digested disks were reweighed for measurement of biofilm dry mass.
Statistical analysis
An analysis of covariance (ANCOVA) approach was used to relate endpoint responses to total sediment metal content, stream location, and sediment type. Total sediment metal content (sum of Ni and Cu molar concentrations) was used as our estimate of metal dose because bioavailability models assume that the applicable metals interact additively (U.S. EPA, 2005) . The majority of the total sediment metal was present in the SEM fraction (>90%), which suggested that these metals were potentially bioavailable U.S. EPA, 2005) . For simplicity, we discuss changes in response to total metals only; however, identical dose-response patterns were observed in response to total SEM. Significant interactions between sediment metal and stream location and/or sediment type indicate that the functional response between the endpoint and the metal concentration is context dependent. For snail feeding assays, an additional factor (snail presence or absence) was included in our ANCOVA models; significant interactions that included the snail presence/absence factor indicate that the other variables in the interaction significantly altered snail feeding (Peterson and Renaud, 1989) . Relatively little variation in metal concentrations among replicate CES cups and baskets allowed us to use total metal concentrations from a single randomly selected CES cup per treatment combination collected at day 28 for all statistical analysis. Further, this allowed us to use lack-of-fit tests to verify that linear ANCOVA models are most appropriate for the given data (Cottingham et al., 2005) . Lack-of-fit tests indicated that biofilm response variables (chla, NPP, metal content, snail feeding) responded to the log of the sediment metal concentration, whereas all other endpoints responded linearly. Assumptions of normality and equal variance were verified using Shapiro-Wilks tests and residual plots, respectively. For models that violated assumptions of linear models, we used log (biofilm metal content, cotton respiration) or arcsine square root (% dominant) transformations to meet assumptions. A small number of CES cups were buried or lost and a single invertebrate sample was lost due to poor preservation; we removed these observations from our statistical analysis. Although our experiment was ultimately unbalanced, all of our treatments were represented in the final analysis and our design remained fully-crossed. All statistics were conducted using R 3.0.1 (R Core Team, 2013).
Results
Metal dynamics and general toxic response
After 28 days of incubation, sediment metal concentrations declined; losses of Cu and Ni in LB sediments (mean loss of 43 and 52%, respectively) were greater than losses of Cu and Ni from HB sediments (mean loss of 4% and 26%, respectively). The decline in sediment metal, in particular Ni, is likely due to diffusive loss, which is common when spiked sediments are equilibrated for short time periods (Simpson et al., 2004) . Although substantial amounts of sediment metal were lost, at least 3 of 4 treatments for each sediment remained above non-toxic thresholds for at least one metal (MacDonald et al., 2000; U.S. EPA, 2005) . AVS was negatively correlated to sediment Cu concentrations (p < 0.05) due to the insolubility of copper sulfide during the AVS extraction procedure (Simpson et al., 1998) . Though there were physicochemical changes to the sediments during the incubation, HB sediments maintained relatively higher concentrations of important metal binding ligands (AVS and OM) than LB sediments. Our two streams did not differ greatly in the water chemistry parameters that modify metal toxicity (Table 3) ; therefore, any significant stream x metal interactions are likely a result of ecological not physicochemical context. As expected, the metal concentrations we used induced toxic responses in the stream ecosystem; 7 of the 12 measured endpoints exhibited significant responses to increasing concentrations of sediment metal (Table  4) . As expected, most endpoints were negatively related to increasing concentrations of sediment metal, with the exception of biofilm metal content, which was positively related to sediment metal concentrations. As we hypothesized, the response to increasing concentrations of sediment metal was not equal across streams, sediment types, or endpoints. 
Prevalence of context dependency
For the endpoints that responded to sediment metal, we found that six of the seven responses exhibited a significant interaction with sediment type and/or stream location, which indicates that the responses were context dependent (Table 4) . Physicochemical context affected the response of the microbial community, ecological context modified the response of the biofilm community (chla and biofilm Ni content), and both factors influenced biofilm primary production and EPT abundance (Table 4) . Biofilm NPP was negatively affected by sediment metal only in Salmon-Trout River and, at that location, only when exposed to metals from HB sediments (Fig. 1A) . Biofilm chla was negatively affected by sediment metal only in Salmon-Trout River, but biofilm biomass on LB and HB sediments both responded similarly (Fig. 1B) . All biofilms in Big Pup Creek showed no response to sediment metals regardless of exposure to LB or HB sediments (Fig. 1A & B) . Biofilm Ni content exhibited a weak interaction (p = 0.03) between sediment metal and stream location with less Ni accumulation in biofilms from the Salmon-Trout River (Table 4) . However, biofilm Cu content did not exhibit any context dependency (Fig. 1D) . In both streams, the dose response of cotton respiration was modified by physicochemical context, with a strong negative response for cotton in LB sediment and no response in HB sediment ( Fig. 2A, Table 4 ). Similarly, cumulative cotton decomposition over the 28-d exposure period (measured as loss of tensile strength) showed similar context dependency (Fig. 2B, Table 4 ). EPT abundance declined with increasing metal concentration when exposed to LB sediment in Big Pup Creek; we observed no response of EPT to increasing sediment metal for any exposures in Salmon Trout River and any exposures to HB sediments (Fig. 3B) . Overall, EPT abundances were much lower in Salmon Trout River (mean = 600 m -2 ) than Big Pup Creek (mean = 1700 m -2 ), which was likely responsible for the lack of response to sediment metal observed in Salmon Trout River and the cause for the interaction between physicochemical and ecological context (i.e., significant metal x sediment x stream interaction).
Variation among endpoints
We observed strong differences in the dose response among our functional and structural endpoints. The biofilm and microbial communities (6 of 6 endpoints) responded much more strongly to sediment metal than the consumer community (1 of 6 endpoints). Although all measured attributes of the biofilm and microbial community responded to sediment metal, the context dependency differed among these communities; the biofilm community response differed between stream (i.e., ecological context) (Fig. 1) and the microbial community response differed between sediment types (i.e., physicochemical context) (Fig. 2) . For our six measures of the consumer community, only a single metric (EPT abundance) was significantly affected by sediment metal (Table 4 , Fig 3A) . Our snail feeding rates were highly variable and exhibited no response to sediment metal (Fig. 3A, Table 4 ). There was a trend of lower feeding rates for snails exposed to metal-contaminated LB sediments in Big Pup (Fig. 3A) , but high variability in controls and low statistical power caused this pattern to be statistically insignificant. The four other invertebrate community metrics (total richness, total abundance, Simpson diversity, % dominant) varied among streams but did not show any response to increasing sediment metal concentrations (Table 4) . 
Suitability of bioavailability models
The current bioavailability models predict that our spiked sediments will be non-toxic when metal concentrations in LB and HB are below 0.8 and 2.5 µmol g -1 , respectively. The non-toxic threshold accurately predicted non-toxic conditions for the microbial and invertebrate community, but in the biofilm community toxicity was observed at concentrations below the non-toxic thresholds. Our dose-response function predict a 10% reduction in NPP for biofilm in the Salmon-Trout River at just 0.31 µmol metal g -1 if growing on the HB sediment (Fig. 1A) . The dose-response models predict a 10% reduction in chla at 0.21 and 0.47 µmol metal g -1 for biofilms growing on LB and HB sediment, respectively. The modeled 10% reductions in biofilm function and structure, which occur below the non-toxic thresholds, are observed only in Salmon-Trout River as toxicity was not observed in Big Pup Creek. For the microbial community in the LB sediment regardless of stream location, our dose-response function predicts a 10% reduction in R cot and tensile strength at 1.2 and 1.7 µmol metal g -1 dw, respectively, which is at a concentration that exceeds the non-toxic threshold. We observed a 10% reduction in EPT abundance in Big Pup Creek when sediment total metal concentrations were 1.1 µmol g -1 , which is in excess of the AVS concentration (0.8 µmol g -1 ). For both the microbial community and EPT abundance, there was no response to metal in the HB sediment even though the metal concentrations exceeded the non-toxic threshold.
Discussion
Our study has demonstrated that understanding whole-ecosystem responses to sediment metal benefits from examining many components of the community and considering the importance of physicochemical and ecological context. The frequency at which we observed context dependency adds to the growing evidence (Brix et al., 2011; Roman et al., 2007) that risk assessments that do not incorporate context-dependency (e.g., MacDonald et al., 2000) are inappropriate except for preliminary screening of ecosystems. Further, not all components of the community responded equally to metal, nor were their responses modified by the same contextual factors. For restoration or regulatory goals intended to protect entire ecosystems, careful study of the functional and structural attributes of communities is required for comprehensive protection. Broadly, a Elementa: Science of the Anthropocene • 2: 000030 • doi: 10.12952/journal.elementa.000030 greater mechanistic understanding of the biogeochemical and ecological interactions that manifest as context dependency (e.g., Clements et al., 2012) would improve our ability to predict impairment, restore ecosystems, and understand how anthropogenic activity is modifying the structure and functioning of freshwater ecosystems.
The divergent dose-response relationships we observed on our two sediment types emphasizes the strong role sediment geochemistry plays in metal cycling and exposure (Burton, 2010; Chapman and Wang, 1998; U.S. EPA, 2005) . For our measures of the macroinvertebrate community (i.e., EPT abundance) and sediment microbial function, we observed negative effects of metals only on the LB sediments and only when metal concentrations exceeded AVS concentration, which supports the context-dependent bioavailability models U.S. EPA, 2005) . The absence of a toxicological response for macroinvertebrates and sediment microbes exposed to the HB sediment is somewhat surprising considering the amended metal concentrations greatly exceeded AVS binding capacity. However, metals in excess of AVS and OM can still be unavailable to organisms due to complexation with other ligands (e.g., Fe oxides), microhabitats with physicochemical conditions different from bulk sediment, or physical separation of metals from organisms Costello et al., 2011; Di Toro et al., 1992; U.S. EPA, 2005) . The sediment context-dependency of the biofilm response differed substantially from the sediment microbial and invertebrate response with either no evidence of sediment context dependency (chla) or the HB sediment eliciting an effect at lower concentrations than the LB sediment (NPP). This deviation in context dependency between the biofilm response and the microbial and invertebrate responses suggests that models of metal bioavailability may not be equally applicable to all members of a community.
We observed evidence of ecological context dependency for invertebrates (i.e., EPT abundance) and many of the measures of the biofilm community. The context dependency observed for EPT abundance likely results from community differences between the two streams; the invertebrate community Big Pup Creek had a greater abundance of EPT than Salmon-Trout River and a higher relative abundance of mayflies, specifically from the families Baetidae and Ephemerellidae. The sediments placed in Salmon-Trout River were colonized by some mayflies (i.e., Ephemerellidae), but stoneflies (i.e., Leuctridae) and caddisflies (i.e., Molannidae) were a greater proportion of the EPT abundance. The greater sensitivity to sediment metals of EPT in Big Pup Creek matches expectations of interspecies variability in metal tolerance, which suggests that taxa in the order Ephemeroptera are highly sensitive to metals (Carlisle and Clements, 2009; Clements et al., 2000; U.S. EPA, 1996) . Additionally, the stronger response of EPT abundance in Big Pup Creek may have resulted from elevated dietary metal exposure; in Big Pup Creek, a greater proportion of sediment metal (particularly Ni) was found in the biofilm matrix when compared to Salmon-Trout River. However, due to the experimental design (i.e., separate biofilm and invertebrate exposure chambers) and the minimal biofilm colonization on the colonization trays, we do not believe that this is the primary mechanism for the differences in EPT response between Big Pup Creek and Salmon-Trout River. Nonetheless, dietary metal exposure has been implicated in chronic invertebrate responses at very low metal concentrations (Brix et al., 2011) , and any invertebrates feeding on biofilms growing on metal-contaminated sediments do have the potential to be exposed to metals.
The context-dependency of the biofilm response differed greatly from expectations of models of metal bioavailability U.S. EPA, 2005) . For biofilm function (i.e., NPP) we observed differences between our sediment types but the relationship was opposite of expectations (i.e., stronger dose-response from sediments with greater content of binding ligands). In addition to the observed physicochemical context dependency, we also observed strong ecological context dependency for the biofilm dose-response. Of greater significance, we observed negative effects of sediment metals (i.e., 10% reduction in NPP) at concentrations below the well-established non-toxic thresholds (U.S. EPA, 2005). We did not identify the taxa comprising the biofilm in our study, thus we cannot make mechanistic inferences about the role of biofilm community composition on sediment metal sensitivity. However, it is probable that our streams had dissimilar biofilm communities because the two stream reaches differed greatly in canopy cover, which can alter biofilm structure ( Johnson et al., 2009) . In addition to biofilm responses deviating from existing bioavailability models, we observed differences between functional and structural endpoints (i.e., in the Salmon-Trout River, biofilms on HB and LB showed reduced chla whereas NPP was reduced only for biofilms on HB). It has been demonstrated that biofilm structural and functional responses are not equally sensitive to ecosystem stress; functional endpoints only respond at the highest levels of stress whereas structure responds at low Lymnaea stagnalis feeding (A) measures indirect effects only; snails were not exposed directly to sediment but only to biofilms that were exposed to sediments using chemical exposure substrates. Ephemeroptera, Plecoptera, and Tricoptera (EPT) abundance (B) describes sensitive taxa in the invertebrate community that had directly colonized sediments. Biofilms and invertebrates were exposed to high (HB) and low (LB) binding capacity sediments amended with metal, which were incubated in two streams: Big Pup (BP) and Salmon-Trout (ST), Marquette, MI, USA. Lines indicate best-fit model equations from ANCOVA. Elementa: Science of the Anthropocene • 2: 000030 • doi: 10.12952/journal.elementa.000030 levels of stress (Crossey and La Point, 1988; Niyogi et al., 2002) . However, for the treatment that did show a reduction in biofilm function (i.e., HB in Salmon-Trout), we observed a dose response at concentrations that were comparable to concentrations eliciting a structural response. In all, we observed impairment of biofilm function and structure at concentrations below non-toxic thresholds and the context dependency for biofilms does not match context dependency for invertebrates and fishes. This suggests that, although bioavailability models do account for certain aspects of physicochemical context (i.e., AVS), these models may not be protective for biofilms.
The disconnect between our observed biofilm responses and existing bioavailability models may be a result of non-equilibrium metal dynamics in sediments, primarily oxidation of surface sediments by biofilms. Biofilms are not passive organisms solely responding to sediment metals; rather their metabolic processes actively alter biogeochemical cycles, which can modify metal speciation and exposure. Photosynthetic activity by biofilms increases pH and O 2 concentrations in overlying waters and surface sediments, which has been implicated in diel cycles of metals (i.e., water column metals decline during the day) observed in some contaminated systems (Beck et al., 2009; Morris et al., 2005) . Oxidation of sediments can cleave metal-sulfide bonds and mobilize metals (De Jonge et al., 2012a; Simpson et al., 2012) . These mobilized metals can either sorb to other metal-binding ligands (e.g., Fe oxides; De Jonge et al., 2012a) or in the absence of alternative binding ligands remain dissolved and elicit a toxic response (De Jonge et al., 2012b; Simpson et al., 2012) . For our experiment, we observed greater photosynthetic activity (i.e., higher background NPP) and greater diel O 2 fluctuations (i.e., DO standard deviation was 3x greater) in the open-canopy Big Pup Creek. The increased O 2 production in Big Pup Creek during the day supports greater sediment oxidizing potential, which could lead to mobilization of sulfide-bound metals. The biofilm response to low concentrations of sediment metal in Big Pup Creek may be a result of greater exposure to metals released from oxidized metal sulfides. The instability of metal sulfides under oxidizing conditions is likely responsible for the inability of sulfide-based bioavailability models to predict non-toxic conditions in Big Pup Creek. Sediment bioavailability models assume that metal speciation is stable and dissolved and particulate metals are in equilibrium U.S. EPA, 2005) ; however, our data and other studies of processes that oxidize sediments (e.g., bioturbation and resuspension; Peterson et al., 1996; Simpson et al., 1998) reveal that non-equilibrium dynamics can be common and need to be considered in sediment risk assessment. Integration of sediment oxidation processes into sediment risk assessment is further complicated by the spatial scale at which these mechanisms operate, which is often within the top few millimeters of sediment. Additional research on spatial and temporal variability in sulfide and metal speciation could greatly improve our ability to predict metal bioavailability in dynamic and heterogeneous environments.
The discrepancy in responses between invertebrates, sediment microbes, and biofilms suggests that even if we include context dependency in bioavailability models, a universal model applicable to all organisms may not be feasible. For sediment microbes, AVS-based bioavailability models offer good predictions of non-toxic conditions. Similarly, for invertebrates AVS-based models predict non-toxic responses well, but models could be improved by including community composition and tolerance as an additional contextual consideration. For biofilms, AVS-based measurements of bulk sediment are not sufficiently protective and new models incorporating non-equilibrium processes or more targeted sampling protocols (e.g., microsensors in surface sediment) would need to be developed. Ultimately, the difference in efficacy of these models may require prioritization of regulatory and restoration goals and selective application of an appropriate lens of context-dependency. For example, if a regulatory goal is protecting aquatic invertebrate biodiversity across a broad geographic range, then these data and other studies (Burton et al., 2005; Costello et al., 2011; Di Toro et al., 1992) suggest that current no-effects thresholds that include sediment context (i.e., AVS) offer an appropriate screening-level approach. Alternatively, if a single ecosystem were being restored to improve biodiversity, it would be constructive to incorporate community context by determining the sensitivity of the anticipated community under reference conditions. If protection or restoration of ecosystem functions is a goal (Millennium Ecosystem Assessment, 2005) , then the current bioavailability models may not be adequately protective of biofilms, which control most stream ecosystem functions (Gibbons et al., 2014; Pusch et al., 1998) . Our study of two ecosystems is not sufficient for developing widely-applicable sediment metal criteria for biofilms, yet these results should stimulate research on the interactions between biofilm and metal cycles. In all, these data suggest that context dependency can be used to improve metal sediment risk assessment, but the application of contextual filters must be judicious as models may not be equally applied to all constituents of a community.
